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While compound specific isotope analysis (CSIA) has been
used extensively to investigate remediation of chlorinated ethenes,
to date considerably less information is available on its
applicability to chlorinated ethanes. In this study, biodegradation
of 1,1,1-trichloroethane (1,1,1-TCA) and 1,1-dichloroethane (1,1DCA) was carried out by a Dehalobacter-containing mixed
culture. Carbon isotope fractionation factors (ε) measured during
whole cell degradation demonstrated that values for 1,1,1TCA and 1,1-DCA (-1.8‰ and -10.5‰, respectively) were
significantly smaller than values reported for abiotic reductive
dechlorination of these same compounds. Similar results
were found in experiments degrading these two priority pollutants
by cell free extracts (CFE) where values of -0.8‰ and
-7.9‰, respectively, were observed. For 1,1,1-TCA in particular,
the large kinetic isotope effect expected for cleavage of a
C-Cl bond was almost completely masked during biodegradation
by both whole cells and CFE. Comparison to previous studies
demonstrates that these patterns of isotopic fractionation are not
attributable to transport effects across the cell membrane,
as had been seen for other compounds such as PCE. In contrast
these results reflect significant differences in the kinetics of
the enzymes catalyzing chlorinated ethane degradation.

Introduction
1,1,1-Trichloroethane (1,1,1-TCA) and 1,1-Dichloroethane
(1,1-DCA) are chlorinated aliphatic hydrocarbons used as
industrial solvents and degreasing agents, and are produced
as intermediates in the production of vinyl chloride. 1,1,1TCA and 1,1-DCA are common groundwater contaminants,
found in at least 23% and 19%, respectively, of the active
Superfund sites designated by the U.S. Environmental
Protection Agency (search of the database in February 2010).
Under anaerobic conditions, metabolic and cometabolic
reductive dechlorination of these compounds have been
observed under methanogenic (1-3) and sulfate-reducing
conditions (4). During reductive dechlorination, chlorine
atoms are sequentially removed and replaced with hydrogen
* Corresponding author e-mail: bslollar@chem.utoronto.ca.
†
Department of Geology.
‡
Department of Chemical Engineering and Applied Chemistry.
7498

9

ENVIRONMENTAL SCIENCE & TECHNOLOGY / VOL. 44, NO. 19, 2010

atoms, so that transformation proceeds from 1,1,1-TCA to
1,1-DCA to chloroethane (CA) analogous to reductive dechlorination of their chlorinated ethene counterparts trichloroethene (TCE), and cis-dichloroethene (cDCE), to vinyl
chloride (VC) and finally to ethene. Bioremediation has
become a cost-effective strategy for cleanup of sites contaminated with chlorinated ethenes (5). For 1,1,1-TCA and
1,1-DCA however, optimum conditions for dechlorination
are less well understood, partly because of the complex
inhibitory effects of mixtures of chlorinated ethenes and
ethanes. Since over 8% of sites on the U.S. Environmental
Protection Agency Superfund list are cocontaminated with
both 1,1,1-TCA and TCE, resolving the basis for such
inhibition is the focus of investigation by several groups (6-9).
Recently, Grostern et al. (2009) (10) reported that the most
pronounced inhibition of 1,1,1-TCA and 1,1-DCA was
observed in the presence of chlorinated ethenes in cell-free
extract experiments - suggesting inhibition directly affects
the efficiency of the reductive dehalogenase enzyme. This
study reports for the first time the carbon isotope fractionation factors during biodegradation of 1,1,1-TCA and 1,1DCA. Subsequent studies will then be able to use this base
of information to determine whether different fractionation
factors are observed when chlorinated ethene and ethane
contaminant mixtures undergo biodegradation.
Compound Specific Isotope Analysis (CSIA) is increasingly
applied as a tool for assessing biodegradation of organic
contaminants in groundwater (11). Laboratory-derived ε
values have been successfully applied to monitor the
occurrence of biodegradation in the field (11), but also as a
novel means of estimating the extent of biodegradation and
quantifying biodegradation rates (12, 13) for a variety of
organic contaminants including chlorinated ethenes, chlorinated ethanes, petroleum hydrocarbons, and fuel additives
such as methyl tert-butyl ether (MTBE). Since fundamentally
ε values are a function of the bonds broken during transformation, CSIA has also become an established approach
for differentiating between different reaction mechanisms
when the role of multiple potential biodegradation pathways
are in question (14, 15). Understanding the magnitude and
variability in the isotopic enrichment factors (ε values)
involved in biodegradation is critical to these applications.
In particular, considerable recent effort has been focused on
determining not just the controls on ε due to differences in
degrading microorganisms (to a first approximation controlled primarily by the microbial transformation pathway
the organisms use), but on the role of kinetics and enzyme
efficiency in controlling observed fractionation effects (16-19).
While carbon isotopic fractionation has been extensively
studied for reductive dechlorination of chlorinated ethenes
(11), and for 1,2-dichloroethane (1,2-DCA) (15, 16, 20-23),
to our knowledge, no published studies have reported isotopic
fractionation factors for microbial reductive dechlorination
of 1,1,1-TCA and 1,1-DCA. The first objective of the present
study as noted was to determine carbon isotope fractionation
factors for reductive dechlorination of these two priority
compounds by the Dehalobacter-containing mixed culture
described by Grostern and Edwards (2006) (24). In addition,
those experiments were repeated with cell-free extracts of
the same culture in order to investigate the differences
between observed fractionation during whole cell degradation versus degradation when the substrates were in direct
contact with the enzyme. Finally fractionation effects during
biodegradation were compared to carbon isotope fractionation for abiotic reductive dechlorination of 1,1,1-TCA by
10.1021/es101330r
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Cr(II), Fe(0), and Cu-plated iron (25) and for abiotic reductive
elimination of Cl from 1,1-DCA on Zn0 (26).

TABLE 1. Measured ε for All Experiments and All Replicate
Bottlesa

Materials and Methods
Detailed materials and methods for all experiments are
provided in the Supporting Information. In brief, for whole
cell degradation experiments, ten experimental bottles
contained 10 mL of defined mineral medium after (27) plus
40 mL of inoculum from the parent microbial enrichment
culture were each prepared in 125 mL glass bottles sealed
with threaded Teflon-lined Mininert caps and maintained
in an anaerobic glovebox under a CO2/H2/N2 atmosphere
(10%/10%/80%) at room temperature. Four control bottles
contained 50 mL of defined mineral medium. All bottles were
amended with methanol, ethanol, acetate, and lactate (MEAL)
as electron donors at five times each the electron equivalents
required for dechlorination. Five experimental bottles and
two control bottles were amended with 0.002 mL of neat
1,1,1-TCA (TCA-1, TCA-2, TCA-3, TCA-4, TCA-5), and similarly
five experimental bottles and two controls were amended
with 0.002 mL of neat 1,1-DCA (DCA-1, DCA-2, DCA-3, DCA4, DCA-5) - to produce an aqueous concentration of 50 mg/L
prior to the isotope experiments.
For biodegradation by cell-free extracts (CFEs) (see
preparation details in the SI) assays were prepared in 16 mL
glass bottles as described above. Each bottle contained 1.7
mL of assay buffer (100 mM Tris-Cl, pH 7.5, 2 mM methyl
viologen, 2 mM titanium citrate) and was amended with either
1,1,1-TCA (0.005 mL of an 8 mg/mL stock solution) (two
experimental bottles; CFE-TCA-1, CFE-TCA-2) or 1,1-DCA
(0.008 mL of a 5 mg/mL stock solution) (three experimental
bottles; CFE-DCA-1, CFE-DCA-2, CFE-DCA-3) for a starting
aqueous concentration of approximately 20 mg/L in each
bottle. After equilibration, a small amount (0.3 mL) of CFE
was added to each experimental bottle to ensure a slow
biodegradation rate on the order of days rather than hours
(see details in the SI) - thus ensuring sufficient time to collect
a large number of δ13C values for the degradation. In addition,
two 1,1,1-TCA and two 1,1-DCA control bottles were prepared
(buffer and heat-killed controls), with the CFE heated at 80
°C for 15 min prior to use in the heat-treated controls.
Details of compositional and isotopic analysis are provided
in the SI.

Results
For all experiments, the concentration of 1,1,1-TCA (or 1,1DCA) in controls remained within error of the starting
concentration, and the δ13C values of control bottles remained
within analytical uncertainty of δ13C0 throughout the experiments.
Reductive Dechlorination in Whole Cell Cultures. Concentration versus time plots for all experiments are shown
in Figure S-1A-D. Complete degradation of 1,1,1-TCA
occurred in all five replicate bottles in 75 to <300 h (∼3-12
days) (see Figure S-1A). As degradation of 1,1,1-TCA
proceeded, δ13C values of 1,1,1-TCA became progressively
enriched in 13C, consistent with the preferential rate of
reaction for 12C. Experimental data for all five bottles fit
a Rayleigh model with r2 values >0.9 for each bottle (Table
1). Enrichment factors (ε) calculated for 1,1,1-TCA in all
five experimental bottles were the same within 95%
confidence intervals (Table 1) and hence are all included
in Figure 1A from which an overall combined ε value of
-1.8‰ ( 0.3‰ (95% confidence interval) is calculated for
1,1,1-TCA reductive dechlorination.
Degradation of 1,1-DCA occurred in all five replicate
bottles in 200-300 h (8-12 days) (Figure S-1B). For one
replicate, analysis was discontinued at 40% degradation at
>500 h. As for 1,1,1-TCA, during degradation of 1,1-DCA, all

ε
replicate no.

(‰)

r2

95% CI

whole cell 1,1,1-TCA

1
2
3
4
5

-1.5
-1.5
-1.8
-1.7
-1.8

0.95
0.99
0.98
0.97
0.97

0.6
0.2
0.4
0.3
0.4

-1.8 0.95

0.3

whole cell 1,1-DCA

1
2
3
4
5

-10.0
-9.8
-11.2
-10.9
-11.4

0.99
0.94
0.90
0.99
0.99

0.6
1.7
1.3
0.8
0.9

all

-10.5 0.98

0.6

1
2

-0.8 0.84
-0.8 0.73

0.4
0.6

all

-0.8 0.81

0.3

1
2
3

-8.6 0.93
-7.9 0.98
-7.8 0.94

2.2
1.0
1.9

all

-7.9 0.94

0.9

compound

all

cell-free extract 1,1,1-TCA

cell-free extract 1,1-DCA

a

Goodness of fit to the Rayleigh Model is described by
r2; confidence intervals (CI) are calculated from standard
deviation of regression slope.

five replicates had calculated ε values that were within a 95%
confidence interval of each other and fit a Rayleigh model
with r2 values all >0.9 (Table 1). Based on this, a combined
ε value of -10.5‰ ( 0.6‰ (95% confidence interval) is
calculated for 1,1-DCA reductive dechlorination by whole
cells and shown in Figure 1A.
The whole cell experiments clearly show a distinct
difference in carbon isotope fractionation for biodegradation
of 1,1,1-TCA compared to biodegradation of 1,1-DCA. As has
been observed previously for chlorinated ethenes, the less
chlorinated compound has a significantly larger fractionation
(ε value of -10.5 ‰ for 1,1-DCA versus -1.8 ‰ for 1,1,1TCA). The observed fractionation and ε values for replicates
of 1,1,1,-TCA were identical within uncertainty (Table 1)
despite significant differences in the rate of degradation
between replicates (Figure S-1A). The same is true for the
replicates of 1,1-DCA (Figure S-1B). This is unlikely to be the
case if for instance mass transfer limitations were a factor in
these experiments.
Degradation in Cell-Free Extracts. Complete degradation of 1,1,1-TCA occurred in ∼70 h (3 days) in both
replicate bottles (Figure S-1C). The replicates showed
complete agreement with a combined ε value of -0.8‰
( 0.3‰ and a fit to the Rayleigh model of r2 ) 0.8 (Figure
1B, Table 1). For CFE experiments of 1,1-DCA, complete
degradation took place in ∼170 h (∼7 days) (Figure S-1D),
and all three replicate bottles (CFE-DCA-1, CFE-DCA-2,
CFE-DCA-3) also showed a good fit to the Rayleigh model
with r2 values >0.9 and a combined ε value of -7.9 ( 0.9‰
(95% confidence interval) (Table 1). All isotope data for
CFE experiments for both 1,1,1-TCA and 1,1-DCA are
shown in Figure 1B.
As for the whole cell experiments, in the CFE experiments,
roughly complete degradation (80-100%) occurred on the
scale of 3-7 days (Figure S-1C,D). Protocol tests routinely
carried out in the laboratory have demonstrated that
equilibration across the air-water interface occurs in <5 h
s indicating that the experimental results are not attributable
to mass transfer effects.
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FIGURE 1. Isotopic results for degradation of 1,1,1-TCA (open symbols) and 1,1-DCA (solid symbols) by (A.) whole cells and by (B.)
cell-free extracts, respectively. Values of ln(R/Ro) are based on measured δ13C values and f ) fraction of substrate remaining as
described in the Supporting Information. Error bars are based on total uncertainty of (0.5‰ in δ13C and (7% on C/Co. In each panel,
the solid line represents the least squared regression through the 1,1,1-TCA (open symbols) and 1,1-DCA (solid symbols) data and the
calculated Rayleigh model based on all experimental data combined for each compound. Calculated ε values, confidence intervals,
and r2 fits to the Rayleigh model are in Table 1.

TABLE 2. Measured ε Values and Calculated AKIE Values of Degraded 1,1,1-TCA and 1,1-DCA by Abiotic Processes and by
Biodegradation by Whole Cells and Cell-Free Extracts (CFE)d
AKIE

ε
compound

abiotic

1,1,1-TCA
1,1-DCA

-15.8 to -13.6
-17.9 to -21.2b
a

c

biotic whole cell

biotic CFE

abiotic

-1.8 ( 0.3
-10.5 ( 0.6

-0.8 ( 0.3
-7.9 ( 0.9

1.030 ( 0.002
1.040 ( 0.002b
a

biotic whole cell

biotic CFE

1.0036 ( 0.0006
1.021 ( 0.002

1.0016 ( 0.0006
1.016 ( 0.002

a
Values obtained for experiments of abiotic reductive cleavage of one C-Cl bond by Cr(II), Fe0, and Cu and Fe mixtures
(25). b Values obtained for experiments of abiotic reductive cleavage of one C-Cl bond by Zn0 (26). c Both estimates of
abiotic fractionation for cleavage of a single C-Cl bond agree with theoretical intrinsic KIE estimates from the literature
(25, 26, 28). d Values from this study reported as ε ( 95% CI (confidence interval) (see Table 1).

To interpret the results of this study in the context of
kinetic isotope effects, measured enrichment factors (ε)
first have to be converted into kinetic isotope values
(12k/13k). Since 1,1,1-TCA and 1,1-DCA contain two carbon
atoms and due to the low natural abundance of 13C,
generally only one of them at most will be 13C, the kinetic
isotope effect in this case is defined as proposed in Elsner
et al. (2005) (28)
12

k/13k ) 1/(1 + (ε x 2)/1000)

(1)

Discussion
As has been observed for degradation of MTBE (29) and
chlorinated ethenes (19, 25, 30, 31), microbial reductive
dechlorination of 1,1,1-TCA and 1,1-DCA demonstrates a
significantly smaller carbon isotope fractionation effect than
abiotically mediated degradation of these compounds even
though cleavage of a single C-Cl bond is involved for both
chloroethanes. The ε value measured for 1,1-DCA biodegradation in whole cell cultures is approximately half of the
estimated value for abiotic reductive dechlorination, and this
difference is even more pronounced for 1,1,1-TCA (Table 2).
Dechlorination of 1,1,1-TCA in whole cell cultures shows an
exceptionally suppressed enrichment factor of -1.8 ( 0.3‰,
compared to published values for abiotic reductive dechlorination that range from -15.8‰ to -13.6‰ (25). As shown
in Table 1, based on the correlation coefficients, all experimental data fit a Rayleigh model, which means that within
each whole cell degradation experiment the extent of
fractionation observed is reproducible. The differences
observed in isotopic fractionation between the abiotic and
biotic experiments are substantial and may be caused by
masking of the intrinsic isotope effect associated with C-Cl
bond cleavage (32, 33).
7500
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Recent literature has discussed a variety of processes that
might account for such masking effects, including transport
across the cell membranes (17, 34, 35) - an obvious potential
hypothesis given its well-known role in depressing observed
carbon isotope effects during photosynthesis (36). Nijenhuis
et al. (2005) (19) investigated the role of membrane transport
for PCE dechlorination using a variety of pure cultures, cell
free extracts (CFE), and pure enzymes. They observed
significantly larger fractionation for pure enzyme experiments
and cell-free extracts compared to whole cell degradation,
which suggested that for PCE at least, transport across the
membrane may indeed affect the fractionation and mask
the ε value observed during biodegradation by whole cells.
In contrast, no resolvable difference between fractionation
by whole cell cultures and by cell free extracts was identified
in similar studies conducted on TCE (37), 1,2-DCA, and three
chlorinated propanes (16), suggesting that for these compounds, transport across the cell membrane does not change
the observed fractionation.
To determine if membrane transport is involved in
suppressing the intrinsic kinetic isotope effect in this case,
cell free extract experiments were performed on 1,1,1TCA and 1,1-DCA. The results were significantly different
than those observed for PCE by Nijenhuis et al. (2005)
(19). For the two replicates for CFE-TCA, measured ε values
were not resolvably different from the ε value for degradation by whole cells (Table 1). While there may be subtle
differences between fractionation during degradation by
whole cells (combined ε -1.8‰ ( 0.3‰) and by CFE
(combined ε -0.8‰ ( 0.3‰) for 1,1,1-TCA, the important
fact remains that in both cases the measured ε values are
still very small compared to measured ε values for abiotic
experiments and compared to the theoretical intrinsic KIE
value of 1.03-1.06 (25, 28). These findings eliminate
membrane transport as the underlying source of the

masking effect. Similarly, the CFE results for 1,1-DCA do
not support the membrane transport masking hypothesis.
Unlike results for PCE (19), for 1,1-DCA, ε values measured
for CFE (-7.9 ( 0.9 ‰) are actually significantly smaller
than for degradation by whole cells (-10.5 ( 0.6 ‰) suggesting a mechanism other than membrane transport
is controlling the observed fractionation patterns.
As noted, the measured abiotic ε values for 1,1,1-TCA and
1,1-DCA of 1.03 to 1.04, respectively (Table 2), fall within the
range of theoretical intrinsic carbon KIE values from the
literature for cleavage of a single C-Cl bond (25, 28). Since
the significantly smaller ε values measured in both whole
cell and CFE experiments compared to abiotic degradation
cannot be attributed to membrane transport, it suggests that
masking of the isotope effect is occurring within the enzyme
itself and is influenced by the enzyme kinetics. A simplified
example of this scenario is well-described by Northrup et al.
(1981) (33)
k1

k2

E + S y\z ES 98 E + P

(2)

k-1

where E represents the enzyme, S represents the substrate,
ES represents the enzyme-substrate complex, and P represents the products. k1 and k-1 are the first order rate
constants for the formation and dissociation of the enzymesubstrate complex, respectively, and k2 is the rate constant
for the irreversible, chemical transformation of the substrate.
If we assume that there are negligible isotope effects on k1
and k-1, the relationship between the apparent kinetic isotope
effect (AKIE), the intrinsic isotope effect (KIE), and the
individual rate constants during an enzymatic reaction can
be related by the following equation (32, 33)
AKIE )

KIE + C
1+C

(3)

where AKIE is the apparent kinetic isotope effect derived
from the ε measured during biodegradation experiments and
KIE is the fully expressed intrinsic isotope effect originating
from the irreversible transformation step of the substrate
(k2). The constant C is referred to as the commitment factor
and is equal to the rate constant ratio k2/k-1 that describes
the tendency of the enzyme-substrate complex to undergo
transformation of the substrate (k2) rather than to dissociate
into free enzyme and substrate (k-1). Equation 3 indicates
that the magnitude of isotopic fractionation depends on the
steps prior to and including the first irreversible transformation of the substrate. In a case where the efficiency of the
enzymatic reaction is limited (large k-1) relative to the
chemical transformation of the substrate (small k2) and k-1.
k2, the C-value becomes negligibly small so that the AKIE is
equal in magnitude to the intrinsic KIE (32, 33, 38). In contrast,
in an extremely efficient enzymatic reaction (k2. k-1), a larger
C-value is obtained, and the observed kinetic isotope effect
(AKIE) is significantly reduced (masked) compared to the
intrinsic KIE.
The results of these experiments (Table 2) can be
understood in the context of this model. Whole cell biodegradation for both 1,1,1-TCA and 1,1-DCA shows significant
masking of the observed isotope effect (smaller AKIE)
compared to the intrinsic KIE observed in the abiotic
degradation experiments. For 1,1,1-TCA in particular, the
isotope effect is almost completely masked, with an AKIE of
1.0036 suggesting a highly efficient enzymatic conversion
step (i.e., large k2 versus k-1). In contrast, while whole cell
degradation of 1,1-DCA shows significant masking of the
AKIE (1.021) compared to the intrinsic KIE in the abiotic
experiments (1.040), the masking effect depressed the value
by only roughly 50% compared to the order of magnitude

effect that was seen for 1,1,1-TCA. This is highlighted by the
difference in C-values for each reaction. In 1,1-DCA the
C-value is unity, while for 1,1,1-TCA the value is significantly
greater than unity. C-values near unity typically suggest that
the enzyme catalyzed process involves two or more steps
that have similar energy barriers, instead of a single ratelimiting step. In the abiotic mechanism, a single rate-limiting
step is associated with the highest energy barrier (e.g., carbonchlorine bond cleavage) and leads to a large intrinsic kinetic
isotope effect. In the analogous enzyme catalyzed mechanism, an alternative chemical pathway is provided that has
multiple lower energy barriers of similar height that leads to
a reduced or masked apparent kinetic isotope effect and a
C-value that approaches unity (ref 32 and references therein).
For 1,1,1-TCA, the C-value is significantly greater than unity,
which suggests that the abiotic rate-limiting step is no longer
kinetically significant in the enzyme catalyzed pathway. This
latter case suggests 1,1,1-TCA degradation involves an
enzymatic system with optimal catalytic efficiency.
Grostern et al. (2009) (10) recently reported that the
enzyme affinity (Km) for 1,1,1-TCA dechlorination in cellfree extracts for this culture (45 (18 µM) is an order of
magnitude greater than the enzyme affinity for 1,1-DCA
dechlorination (Km ) 413 ( 64 µM) and that degradation of
these two compounds is performed by two distinct reductive
dehalogenases. This is strongly supported by the distinctly
different C-values found in the current study that suggest
unique catalytic mechanisms exist for each contaminant.
This type of behavior has been previously reported in enzyme
catalyzed decarboxylation reactions that involve cofactors,
where the rate-limiting step changes from carbon-carbon
bond cleavage in the uncatalyzed pathway to bond formation
between the substrate and cofactor in the enzymic pathway
producing C-values significantly greater than unity (32, 33).
There are several significant implications of these results.
First, the results clearly indicate that one cannot assume
that isotopic fractionation for degradation by CFE will always
be larger than for whole cell experiments. Depending on the
nature of the rate-limiting steps contributing to the AKIE in
addition to the intrinsic bond cleavage, CFE experiments
may show fractionation that is either larger or smaller than
for whole cell degradation experiments. While in practice
abiotic fractionation factors are often considered to be closest
to the intrinsic KIEs, it is important to also note that additional
rate-limiting steps can be present in purely chemical (abiotic)
reactions that can also lead to masking of the KIE. This has
been recently demonstrated for chemical experiments on
the decarboxylation reaction mechanism (39, 40).
Second, the use of kinetic isotope effects is an essential
tool for the identification of different reaction pathways in
these systems. They can reveal key information related to
the chemical mechanisms and rate-limiting processes involved in these complex degradation pathways; however,
this information cannot be obtained from a single ε-value.
We have shown that by comparing multiple ε-values and
kinetic isotope effects for abiotic, biotic, and cell free extract
experiments we can obtain a much clearer picture of the
mechanisms and pathways involved in these systems.
Moreover, we have shown that comparing C-values can
provide further insight into the mechanisms involved at the
level of the enzyme.
Finally, for field applications, this study demonstrates in
the case of biodegradation of 1,1,1-TCA, one of the most
extreme cases of masking of intrinsic KIE effects yet published
for reductive dechlorination. Since enzyme kinetics play such
a significant role in the expression of the KIE for both 1,1,1TCA and 1,1-DCA, clearly careful work will be needed to
determine the range of expression of fractionation factors
for the chlorinated ethanes and the controls exerted by
cocontaminants with inhibitory effects such as the chloriVOL. 44, NO. 19, 2010 / ENVIRONMENTAL SCIENCE & TECHNOLOGY
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nated ethenes. Given the number of Superfund sites where
both types of chlorinated solvents occur in mixed plumes,
this question is an important target for future research, in
particular before CSIA can be used to quantify biodegradation
of these compounds.
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